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EFFECTS OF AIR QUALITY, URBANIZATION, 
 AND FRAGMENTATION ON ABOVEGROUND CARBON STORAGE  
OF TEMPERATE FOREST ECOSYSTEMS 
ERIN PIERCE 
 
ABSTRACT 
Urbanization has diminished intact forest cover worldwide, leaving behind 
fragmented forests. Temperate forest fragments encounter unique stressors and 
enhancements at forest edges, including increased temperature, light, and nitrogen (N) 
emissions. Anthropogenic additions of reactive N to the atmosphere and enhanced 
atmospheric deposition to the biosphere have dramatically altered the N cycle. While 
rates of N emissions and deposition have recently decreased in the form of nitrate in rural 
areas across the U.S., they remain elevated in urban centers. High rates of oxidized N 
(NOx) emissions to the atmosphere can negatively impact vegetation through the 
production of tropospheric ozone, which damages plant tissues and reduces the capacity 
for carbon (C) sequestration. Although elevated N deposition and tropospheric ozone 
have been studied individually, much less is known about their combined effects on C 
storage in trees, especially in urban ecosystems. To examine the combined effects of 
urbanization and air quality on C storage in vegetation, we selected seven sites along a 
120 km rural to urban gradient across Massachusetts. At all sites, we established a 90 
meter transect from forest edge to interior to evaluate within-site forest edge effects and 
urbanization effects across the entire gradient on C and N dynamics. To assess air quality, 
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we measured concentrations of ozone and NOx using Ogawa passive samplers and 
measured N deposition using mixed ion exchange resin collectors under the forest 
canopy. To characterize standing C stocks, we measured tree diameter and scaled these 
values to aboveground biomass using allometric equations. Results demonstrate that 
standing biomass C is higher at the forest edge than interior in rural areas, but that urban 
areas do not have differences between edge and interior biomass. Concentrations of 
ozone and NOx are higher at urban than rural sites and at the forest edge compared to 
forest interior. Rates of total atmospheric N inputs in throughfall are not significantly 
greater in urban than rural sites, but nitrate inputs in throughfall at forest edges are higher 
in urban areas. Our study suggests that edge enhancements of biomass C are present in 
rural areas, but that diminished air quality may suppress potential stimulatory effects of 
forest edges in urban areas. This work builds upon our understanding of the quantities 
and spatial heterogeneity of air pollutants in the greater Boston area to better understand 
their consequences for tree health and the terrestrial carbon sink. As carbon dioxide 
concentrations continue to rise, plants will continue to play an important role in removing 
carbon dioxide from the atmosphere through photosynthesis and plant growth; 
investigating their response to additional environmental factors such as elevated N 
deposition and tropospheric ozone is essential to understanding vegetation and global 
carbon dynamics.   
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Introduction 
 The combustion of fossil fuels and land use change have led to rising carbon 
dioxide (CO2) concentrations in the atmosphere, resulting in a warming climate (Ciais et 
al., 2013). Forests are an essential component of the terrestrial carbon (C) sink because 
they remove CO2 from the atmosphere and store C in biomass and soils (Pan et al., 
2011). Numerous studies have addressed how elevated CO2 impacts carbon uptake and 
storage of trees (Ainsworth & Long, 2005) and many others have addressed how 
increased warming impacts the terrestrial carbon sink (Saxe et al., 2001). Like climate 
change, urbanization to accommodate a growing global population can rapidly change 
ecosystems when development encroaches into intact ecosystems. Today over 50% of 
people live in cities, with projections suggestion that 70% will live in urban areas by mid-
century (United Nations, 2018). Although cities occupy only 3% of global land cover, 
they account for 70% of fossil fuel CO2 emissions, making urban areas a disproportionate 
contributor to the global carbon budget (Le Quéré et al., 2016). Over the last two 
decades, scientists have affirmed the idea that urban areas are unique ecosystems, 
comprised of distinct ecological communities and biogeochemistry that render them 
different from their rural counterparts (e.g. Kaye et al., 2006; Groffman et al., 2014; 
Hutyra et al., 2014). Excess pollutants and large human population sizes contribute to the 
urban heat island effect, leading to warmer temperatures and longer growing seasons in 
urban areas (Oke, 1982).  
 Urbanization is a widespread global phenomenon that results in land use change, 
with notable development in the northeastern United States. New England in particular 
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has a rich history of land use change that has changed forest composition over the last 
400 years. Prior to European colonization in the 1600s, New England was nearly covered 
by forested areas (Foster & Aber, 2004). Rapid agricultural expansion due to European 
intrusion led to reduced forest cover. By the mid-1800s, only 30% of land area remained 
forest. Agricultural abandonment in the late 1800s to early 1900s led to regeneration of 
forest, where forest cover peaked at 83% by mid 1900s. Over the last century, New 
England has entered its second wave of forest loss since colonization (Foster & Aber, 
2004). Developed lands are projected to increase by 35-40% in this region by the year 
2050, reducing forest cover and leaving fragments of former intact forests (Reinmann & 
Hutyra, 2017).  
 Habitat change through development has fractured forested landscapes into 
smaller fragments. Forest fragmentation results in larger portions of the ecosystem at the 
forest edge with development separating parcels. Today 70% of remaining forest 
worldwide is within 1 km of an edge (Haddad et al., 2015). Forest edges are subject to 
unique microenvironments, such as increased light availability, increased temperature, 
increased CO2 concentrations due to emissions, and increased reactive nitrogen (N) 
emissions (Smith et al., 2018).   
High rates of emissions of reactive N gases from burning fossil fuels and 
agricultural practices result in elevated rates of atmospheric N deposition in the form of 
rain, snow, and particulates to the biosphere (Fowler et al., 2013). At relatively low rates, 
these atmospheric N inputs can have positive effects for vegetation by stimulating 
photosynthesis through the alleviation of N limitation (LeBauer & Treseder, 2008). As a 
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result, elevated rates of N deposition have been shown to enhance rates of net primary 
productivity (NPP) and carbon sequestration of some N-limited terrestrial forest 
ecosystems (Thomas et al., 2010). However, positive impacts of excess N often diminish 
with increased N loading through negative effects such as eutrophication, soil 
acidification, and loss of essential nutrients (Aber et al., 1998). High levels of oxidized N 
(NOx) emissions to the atmosphere can also lead to negative impacts on vegetation 
through the production of tropospheric ozone (Reich & Amundson, 1985) that can 
damage plant tissues, reducing the capacity for carbon sequestration by vegetation 
(Ollinger et al., 2002; Wittig et al., 2009). When ozone enters plant stomata, it can 
oxidize plant tissues during respiration, damaging leaves and inhibiting their ability to 
take up CO2. 
Across much of the United States, N deposition rates are declining due largely to 
federal policies limiting emissions of NOx gases through the Clean Air Act (Davidson et 
al., 2011). However, urban areas remain hotspots of N deposition due to N emissions 
from local transportation and energy consumption (Lovett et al., 2000; Bettez & 
Groffman, 2013; Decina et al., 2017) resulting in elevated rates of atmospheric N 
deposition in urban areas (Decina et al., 2017, 2018). Despite these advances in our 
understanding, much less is known about the combined effects of elevated NOx, ozone, 
and N deposition on aboveground C sequestration, especially in urban ecosystems. 
Filling this knowledge gap is essential for understanding complex global change, as 
habitat fragmentation due to urbanization is likely to continue. Our objective was to 
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quantify the combined effects of changes in land cover and air pollution on aboveground 
C storage along an urban to rural gradient. 
We established seven sites along an urban to rural gradient that extends 120 km 
west of Boston to Leverett, MA to investigate the relationship between urbanization and 
air quality on C sequestration in trees. Our ultimate goal was to elucidate the net impacts 
of N deposition and ozone formation on C sequestration in northeastern U.S. forests. We 
hypothesized that increases in N deposition at forest edges and in urban areas elevate C 
storage in trees, but that the capacity for C enhancement at forest edges and in urban 
areas is offset by elevated ozone concentrations. 
 
Materials and Methods 
Site Description and Overall Approach 
 We collected data along a 120 km urban to rural gradient across Massachusetts 
(Figure 1). Massachusetts has a temperate climate with mean annual temperatures of 
18.6°C to 21.7°C in the summer, -4.3°C to -0.1°C in the winter and ~1100-1300 mm of 
precipitation distributed evenly throughout the year (National Climatic Data Center). 
Mixed temperate hardwood forests dominate the region, with eastern white pine, red 
maple, and northern red oaks occupying the greatest volume of tree biomass (Butler, 
2018). Forests account for over 60% of the state’s total land area (Butler, 2018). Much of 
this area is fragmented due to forest parcel regeneration adjacent to roads, abandoned 
pasturelands, and urban sprawl over the last 100 years (Reinmann & Hutyra, 2017).  
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To determine the combined effects of forest fragmentation and changing air 
quality due to urbanization, we selected seven sites along an urban to rural gradient. 
These sites included a mix of public and private lands that had at least 200 x 200 m2 
intact forest area with oak species and other mixed hardwoods to represent dominant 
species in Massachusetts (Table 1). At each site we established a transect that extended 
from the forest edge to 90 m into the forest interior. 
 
Urbanization 
 Level of urbanization for each site was classified based on impervious surface 
area (ISA) and distance from Boston. We used the Park Street Station in Boston as the 
urban end of the gradient. ISA was classified using 990 m x 990 m grid cells using 
MassGIS data following Raciti et al. (2012). ISA coverage ranged from 1-27% across the 
rural to urban gradient (Table 1).  
 
Air Quality 
 To quantify rates of atmospheric N deposition as both throughfall (beneath 
canopy) and bulk (in the open) inputs, we used mixed anion-cation exchange resin (Dow 
Chemical, USA). At each of the 7 sites, three collectors were placed at the forest edge (0 
m) under canopy cover and three were placed 90 m into the forest interior. Throughfall 
collectors placed under the canopy were used to estimate throughfall as a proxy for total 
deposition (wet + dry; Lovett & Lindberg, 1993). Five sites also had three bulk collectors 
placed in a cleared area at least 10 meters from the forest edge to capture deposition in 
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the open area away from the canopy. Throughfall and bulk collectors were placed at least 
1 meter apart from one another. Throughfall collectors were deployed for two six-week 
increments (18 July – 7 September and 29 August – 29 October 2018) and bulk collectors 
were deployed only for the second collection period (29 August – 29 October 2018).  
Each collector included a 20 cm diameter polyethylene funnel connected to a 20 mL 
disposable chromatography column (BioRad, USA) using HDPE connectors and Tygon 
tubing. Each column was filled with 10 g of mixed ion exchange resin beads. To prevent 
debris from accumulating in the columns, a piece of polyester fiberfill was placed in the 
neck of each funnel. Funnels and columns were mounted to a 1m PVC pipe (described in 
detail in Templer & McCann, 2010). As precipitation percolates through the column, 
charged ions adsorb to the resin and water leaves the column through a 30 µm pore size 
filter placed at the bottom. The resin was brought back to the lab and extracted with 150 
mL 2M KCl and shaken for three 30 minute intervals for 90 minutes total. Extracts were 
analyzed for NO3
- and NH4
+ using colorimetric methods following Sims et al. (1995). 
Samples were added to 96-well microplates with two standard curves per plate and 
external quality control checks for NH4
+ (ERA 985) and NO3
- (ERA 991; Environmental 
Resource Associates, USA). Sample concentrations were interpolated based on 
absorbance values and position between the two standard curves. Reagents were made 
and added to microplates following Sims et al. (1995) and Doane & Horwath (2003). All 
samples were run on a VersaMax microplate reader (Molecular Devices, USA). 
Concentrations of inorganic N in KCl were converted to rates of throughfall or bulk 
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deposition by using concentration data, mass of nitrogen collected per area of the funnel 
(20 cm), and number of days in field.  
 To determine atmospheric concentrations of NOx and O3 gases we used Ogawa 
passive samplers (Ogawa & Co., USA). The Ogawa passive samplers use coated filter 
pads to trap target gases to determine concentrations of the target gas. Samplers were 
installed on tree trunks 1.5 m above the soil using PVC rain shelters and supports 
provided by the manufacturer. For each target gas, two samplers were placed on trees 
(with one sampler per tree) at the edge of the forest and two were placed on trees 90 m 
into the forest interior (individual trees were a minimum of 1 m apart from each other). 
The passive samplers for ozone use nitrite-coated filter pads to collect ozone. Ozone 
oxidizes the nitrite to nitrate; the concentration of nitrate in the pad extract is used to 
calculate the amount of ozone collected on the pad. Ozone passive samplers were 
deployed for approximately 2 weeks for a total of 4 sampling periods spanning July 19 
through October 30, 2018. Samplers were transported to the field in sealed airtight 
Nalgene containers along with field blanks and brought back to the lab and stored at 
room temperature. Filter pads were extracted with 8 mL nanopure water within one week 
of collection from the field and stored at 4°C until analysis. All samplers were handled in 
the field and lab following Ogawa protocols (Ogawa & Co. & Harvard School of Public 
Health, 2001; Ogawa & Co. Inc., 2006) with some revisions as described below. Samples 
were analyzed for nitrite (NO2
-) and NO3
- using Agilent HPLC 1100 following methods 
developed by Dr. Norman Lee (pers. comm.). This method uses 5 mM 75% methanol 
solvent with tetrabutylammonium phosphate monobasic equipped with a Phenomenex 
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Luna C18 column to separate NO2
- and NO3
-. Sample NO3
- concentration was converted 
to ambient O3 concentration by accounting for volume of extract, total time exposed, and 
sampling rates of the passive sampling devices following procedures from the 
manufacturer (Ogawa & Co. & Harvard School of Public Health, 2001). 
 The passive sampler for NOx uses one filter coated with triethanolamine (TEA) to 
collect NO2 and a second filter coated with 2-phenyl-4,4,5,5-tetramethylimidazoline-1-
oxyl-3-oxide (PTIO) and TEA to collect NOx (NO + NO2). On the NO2 pad, TEA 
converts NO2 to NO2
-. On the NOx pad, PTIO oxidizes NO to NO2; TEA then converts 
background NO2 and the NO2 yielded from the PTIO + NO reaction to NO2
-. The 
difference in NO2
- produced using both pads is used to calculate NO. NOx passive 
samplers were deployed for approximately 4 weeks between July 19 through October 26, 
2018 for a total of 3 sampling periods. Samplers were transported to the field in sealed 
airtight Nalgene containers along with field blanks and brought back to the lab and stored 
at room temperature. Filter pads were extracted with 8 mL nanopure water within one 
week of collection and stored at 4°C until analysis. All samplers were handled in the field 
and lab following Ogawa (Ogawa & Co. & Harvard School of Public Health, 2001; 
Ogawa & Co. Inc., 2006) with some revisions as described below. Before microplate 
analysis, NOx pad extracts were treated with diethyl ether to remove blue tint associated 
with PTIO to minimize color variation and interference with the reactions required for 
colorimetric analysis. All NOx extract solutions were mixed in a 1:1 ratio of ethyl ether 
and filter pad extract and solution separated into 2 distinct layers. The supernatant layer 
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(ether + blue tint) was removed using a pipette, resulting in dye-free solution containing 
NO2
- that was analyzed colorimetrically. 
Samples were added to 96-well microplates with two standard curves for plate 
and external quality control checks for NO2
- (ERA 952; Environmental Resource 
Associates, USA). Sample concentrations were interpolated based on absorbance values 
and position between the two standard curves. Reagents were made following Ogawa 
(Ogawa & Co. Inc., 2006) and added to microplates. All samples were run on a 
VersaMax microplate reader (Molecular Devices, USA). Sample NO2
- concentration was 
converted to ambient NO, NO2, and NOx concentrations by accounting for volume of 
extract, total time exposed, and sampling rates of the passive sampling devices following 
procedures from the manufacturer (Ogawa & Co. Inc., 2006). Sampling rate of each filter 
pad is dependent on ambient temperature and relative humidity; average ambient 
temperature and relative humidity at each site were determined using integrated 
temperature and relative humidity sensors mounted inside radiation shields attached to 
trees at both 0 m and 90 m from the forest edge (HOBO, Onset Corporation, USA).  
 Passive sampling methods provide robust measurements of O3 and NOx 
concentrations that correlate well with traditional active sensor measurements (Ogawa & 
Co. & Harvard School of Public Health, 2001; Ogawa & Co. Inc., 2006). To validate 
passive sampling data in our study system, a passive sampler and continuous sensor 
comparison study was conducted with both O3 and NOx samplers. Two passive samplers 
each for NOx and O3 were co-located with one air quality monitoring station operated by 
the Massachusetts Department of Environmental Protection (DEP) in Milton, MA at the 
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Blue Hills Observatory and another in Roxbury, MA. Ozone is sampled continuously 
using UV light photometry sensors with hourly measurements and NOx is sampled 
continuously using chemiluminescence sensors with hourly measurements. Results 
indicate that both O3 and NOx passive samplers are strongly correlated with real-time 
sensors used by the DEP (R2 ≥ 0.97 for O3 and NOx; p = 0.013 for both), but that passive 
and continuous measurements do not reflect a 1:1 relationship. Passive samplers over 
predicted O3 by 41% and NOx by 15% when compared to continuously monitored real-
time sensors of the MA DEP (Appendix Figures A1-A2).  All O3 and NOx data presented 
in this study show calculated concentrations that do not account for this offset. 
 
Aboveground carbon 
 To characterize standing stocks of aboveground carbon, trees were measured 
along the edge to interior gradient at all seven sites. At each transect distance (0 m = 
forest edge), 15 m, 30 m, 60 m, and 90 m), a semicircular plot was established by using a 
10 m rope to mark plot boundaries, creating a semicircle with 10 m radius and area of 
157 m2. We measured all trees with diameter greater than 5 cm at breast height (DBH; 
~1.37 m aboveground) and identified trees to species level whenever possible. 
Aboveground biomass of each tree was calculated from DBH using species-specific 
allometric equations (Munger & Wofsy, 2018) and a generalized mixed hardwood 
equation was used for unidentified trees (Jenkins et al., 2003). Biomass C was assumed 
to be 50% of each tree’s mass. 
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Statistical Analysis 
All statistical analyses were conducted in R version 3.5.3 (R Core Team 2019). 
Shapiro-Wilk tests and quantile-quantile plots were used to test normality of data. 
Shapiro-Wilk tests revealed that aboveground biomass C data were not normally 
distributed, but met assumptions of normality when log-transformed; all statistical 
analyses of biomass were performed on log-transformed data. All other data met 
conditions of normality. ANOVAs were used to determine differences in aboveground 
biomass C, O3 concentration, NOx concentration, and throughfall N between urban edges, 
urban interiors, rural edges, and rural interiors. Tukey’s Honestly Significant Difference 
post hoc tests were used to determine pairwise comparisons. Linear regressions were 
used to determine relationships between urbanization and each environmental variable at 
forest edge and forest interiors. We considered relationships to be statistically significant 
at α ≤ 0.05. All reported R2 values are adjusted R2. Linear mixed effects models (Pinheiro 
et al., 2019) were used to determine which parameters were the most significant 
predictors of aboveground biomass along the urban to rural gradient at the forest edge 
and interior, with site as a random effect and distance from edge, distance to Boston, ISA, 
throughfall, O3 and NOx as fixed effects.  
 
Results 
Aboveground biomass C 
 Total aboveground biomass C at each distance along the forest transect across the 
urban to rural gradient ranged from 2 to 22 kg C m-2 (Figures 3-4). Aboveground biomass 
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C was significantly different across urban and rural forest edges and interiors (Figure 5; p 
= 0.0038). Post hoc tests revealed that aboveground biomass C was greatest at rural forest 
edges, with significantly higher biomass C at rural edge than interior plots (Figure 5; p = 
0.026). Urban sites did not exhibit clear differences in biomass C between edge and 
interior plots (p = 0.71) and were not significantly different from rural edges (p = 0.12 for 
urban edges, p = 0.084 for urban interiors) or interiors (p = 0.62 for urban edges, p = 0.69 
urban interiors; Figure 5).There was a positive relationship between aboveground 
biomass C and distance from Boston at the forest edge (Adj. R2  = 0.80, p < 0.01; Figure 
6B), but no significant relationship with distance from Boston at the interior plots (Adj. 
R2 = -0.08; p = 0.48; Figure 6B). Aboveground biomass C was negatively correlated with 
ISA at the forest edge (Adj. R2  = 0.58, p = 0.03), but had no significant relationship with 
ISA at the forest interior (Adj. R2  = 0.07, p = 0.28; Figure 6A). Differences in 
aboveground biomass C between forest edge and interior were greatest in rural plots, 
where edges had higher biomass, and were smallest in urban plots (Figure 6C-D). 
 
Air quality 
 Average ozone concentrations ranged from 15 to 26 ppb across the four sampling 
periods. Average ozone concentrations in urban plots were significantly higher than 
concentrations in rural sites (p < 0.01, Figure 7A). There was a positive linear 
relationship between ISA and ozone for both the forest edge (Adj. R2 = 0.63, p = 0.02) 
and interior (Adj. R2 = 0.71, p = 0.01; Figure 7B). Relationships between ozone and 
urbanization exhibited positive linear relationships in mid-summer (Adj. R2 = 0.83, p < 
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0.01 at edge; Adj. R2 = 0.70, p = 0.01 at interior; Figure 8A) and late summer (Adj. R2 = 
0.71, p = 0.01 at edge; Adj. R2 = 0.67, p = 0.01 at interior; Figure 8B). However, 
relationships between ISA and ozone declined in magnitude and significance as ozone 
concentrations decreased through early autumn (Adj. R2 = 0.35, p = 0.09 at edge; Adj. R2 
= 0.52, p = 0.04 at interior; Figure 8C) and mid-autumn, (Adj. R2 = -0.02, p = 0.38 at 
edge; Adj. R2 = 0.04, p = 0.32 at interior; Figure 8D).  
Average NOx concentration ranged from 1 to 10 ppb across the sampling periods. 
NOx concentrations in urban edges were higher than both rural edges (p=0.046) and 
interiors (p=0.03), but there was no significant difference between urban edges and 
interiors (p=0.37; Figure 9A). Average NOx concentration increased with ISA at both 
forest edge (Adj. R2 = 0.58, p = 0.02) and at the forest interior (Adj. R2 = 0.48, p = 0.05; 
Figure 9B). Difference in concentrations at edge and interior were more pronounced in 
urban than in rural sites (Figure 9B). Differences in edge and interior NOx concentrations 
were more pronounced in autumn (Figure 10C) than in summer (Figure 10A-B).  
Total dissolved inorganic N (DIN) fluxes in throughfall ranged from 1.65 to 4.96 
kg N ha-1 year-1. There were no significant differences between DIN (p = 0.08; Figure 
11A) and NH4
+ (p = 0.30; Figure 11B) at urban and rural edges and interiors, but urban 
edges had significantly higher NO3
- fluxes in throughfall than rural edges (p < 0.01; 
Figure 11C). DIN fluxes in throughfall had a marginally significant positive relationship 
with ISA at the forest edge (Adj. R2 = 0.39, p = 0.08; Figure 12A) and a significant 
positive relationship with distance to Boston at the forest interior (Adj. R2 = 0.47, p = 
0.05; Figure 12B). NH4
+ in throughfall did not exhibit significant relationships with ISA 
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at forest edge or interior but did have a positive relationship with distance to Boston at 
the forest interior (Adj. R2 = 0.47, p = 0.05; Figure 12C-D). NO3
- in throughfall had a 
marginally significant positive relationship with ISA at the forest edge (Adj. R2 = 0.38, p 
= 0.08; Figure 12E) and a negative relationship with distance to Boston at the forest edge 
(Adj. R2 = 0.59, p = 0.03; Figure 12F). 
 
Multivariate models 
In the full model with distance from forest edge, distance from Boston, average 
NOx and O3 concentrations, and throughfall DIN fluxes as predictors (with no 
interactions), the model explained 44% of variation in aboveground biomass C (marginal 
and conditional R2 = 0.44). When accounting for interactions, the linear mixed effects 
models with best fit included ISA, distance from edge, and distance from Boston 
(marginal R2 = 0.61, conditional R2 = 0.72); ISA, distance from edge, and average O3 
(marginal & conditional R2 = 0.66); ISA, distance from edge, and throughfall NO3
- 
(marginal R2 = 0.51, conditional R2 = 0.99). The best fit model showed positive 
relationships between distance from edge and aboveground biomass C, negative 
relationships between ISA and aboveground biomass C, negative relationships between 
O3 and aboveground biomass C, and negative relationships between throughfall NO3
- and 
aboveground biomass C. 
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Discussion 
 Urbanization has transformed Earth’s surface over the last few centuries, and 
urban areas are expected to cover more of the globe as human populations continue to 
expand  (United Nations, 2018). Human development into intact ecosystems leaves 
fragmented landscapes behind. In the forested northeastern United States, developed 
lands are expected to increase over the next few decades (Reinmann & Hutyra, 2017). 
Numerous studies suggest that forest edges have distinct environmental conditions 
compared to forest interiors, potentially enhancing aboveground C stocks due to 
increased light availability, CO2 concentrations, and N fertilization at the edge (Smith et 
al., 2018). While forest edges have historically shown strong gradients in terms of C and 
N stocks, N deposition, temperature, moisture, and light availability (Weathers et al., 
2001; Harper et al., 2005; Remy et al., 2016), most of these studies have occurred in rural 
or suburban areas. Microenvironmental differences in urban areas compound these 
enhancements due to elevated CO2 levels, N emissions, and temperatures associated with 
urban heat island effects (Oke 1982, Hutyra et al., 2014). Trees in urban areas have been 
shown to take up more C per unit area than their rural counterparts, elucidating a distinct 
urban biogeochemistry that could offset a portion of the high local CO2 concentrations in 
these areas due to elevated fossil fuel emissions (Briber et al., 2015). Most of our 
understanding of C dynamics in forest ecosystems come from rural and intact 
ecosystems. As a result, edge enhancements are not captured in most ecosystem models 
(Reinmann & Hutyra, 2017), nor are urban areas sufficiently represented.  
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In a changing world, it is essential to understand how the interactive effects of 
urbanization and resulting fragmentation alter C cycling in temperate forests. Studies 
show that urban heat island effects may enhance aboveground biomass C uptake, but that 
this may also increase turnover in C pools (Briber et al., 2015). This study compared 
forest transects along an urban to rural gradient to assess the effects of air quality, 
urbanization, and forest fragmentation on aboveground C storage in trees.  
We found that aboveground biomass C is enhanced at the edge in rural areas, but 
biomass C is similar between forest edges and interiors in urban areas. Substantially 
higher N emissions and heightened temperatures leading to ozone formation at the urban 
edges we observed may inhibit potential enhancements attributed to the positive effects 
often associated with forest edges. Elevated ozone concentrations can lead to plant stress, 
resulting in overall declines in plant productivity (Reich & Amundson, 1985). As a result, 
potential enhancements to aboveground biomass C from edge effects may be offset by 
lower air quality and higher temperatures in urban ecosystems. 
While biomass C at the edge showed a significant negative relationship with 
urbanization for both distance to Boston and ISA, distance to Boston was a better 
predictor than ISA. This pattern is somewhat surprising because NOx and CO2 emissions 
are closely related to ISA, as they are emitted from vehicles on roads. Ecologists studying 
urban ecosystems have addressed the challenges in identifying thresholds to consider 
areas “urban” and have considered several metrics of urbanization omitted from this 
study, such as traffic intensity, population density, and categorical land use or land cover 
measures of adjacent areas (Raciti et al., 2012). Although using ISA alone can be an 
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insufficient classification metric (Raciti et al., 2012), ISA was shown to be a significant 
predictor for most variables in our study. 
Unlike aboveground biomass C at the forest edge, biomass C at the forest interior 
showed no relationship with metrics of urbanization in our study. Fertilization effects 
associated with urbanization such as enhanced N deposition from reactive N emissions 
and increased temperature do not extend 90 meters into the forest; studies have shown 
that such edge enhancements extend less than 30 meters into the forest interior (Weathers 
et al., 2001; Reinmann & Hutyra, 2017). Consequently, we would expect air quality 
metrics associated with urbanization to have stronger impacts on forest edges than 
interiors. Instead of urbanization and edge effects driving biomass C in forests, 
productivity is likely to be controlled by other traits such as water availability, soil 
nutrient availability, and species composition. We found that urban edges and interiors 
had biomass C levels similar to rural forest interiors, suggesting that potential edge 
enhancements are suppressed by increased concentrations of pollutants at urban areas. To 
discern the impact of microenvironmental differences on biomass C, future work should 
quantify the magnitude of difference in air temperature, soil temperature, relative 
humidity, and light transmittance at the forest edge and interior across the urbanization 
gradient to understand the significance of meteorological controls on biomass production. 
In terms of air quality, we found that average NOx and ozone both increase with 
urbanization, but that ozone is not significantly different between forest edge and interior 
across the rural to urban gradient, whereas differences in NOx concentration are 
significant in urban but not rural areas. Rural interior concentrations of NOx were less 
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than half the concentrations of either urban edges or urban interiors. NOx is typically 
greater at road edges where it is produced from the combustion of diesel fuels, which 
aligns with our findings that NOx at forest edges is strongly positively correlated with 
ISA. O3 formation relies on the presence of both NOx and volatile organic compounds 
(VOCs). Although ozone concentrations measured in this study do not approach 
thresholds dangerous for humans as determined by the EPA (EPA, 2015), negative 
effects on forest productivity have been observed at concentrations as low as 40 ppb 
(Wittig et al., 2009), which is near the highest end of our measured concentrations. 
Although passive samplers did over predict ozone concentration at open clearings near 
our sites, studies have demonstrated that passive samplers are an inexpensive and reliable 
method to determine overall trends in ground-level gas concentrations with high spatial 
intensity (Ray, 2001; Salem et al., 2009; Dahal & Hastings, 2016) 
While NO3
- fluxes in throughfall were similar in magnitude to earlier studies in 
this region (Rao et al., 2014; Decina et al., 2018) and exhibited a positive relationship 
with urbanization at the forest edges, NH4
+ fluxes in throughfall increased with distance 
to Boston at forest interiors, suggesting that urbanization may have decreased overall 
DIN fluxes. NH4
+ comprised 60% of DIN fluxes on average, which aligns with current 
trends across the United States in which reduced forms of N dominate throughfall inputs 
over the last decade due to reductions in NOx emissions (Li et al., 2016). Several urban 
forest edges used in this study were adjacent to lawns and other heavily managed areas; it 
is possible that fertilizer applications could have impacted total NH4
+ inputs in these 
areas. Additionally, some fraction of throughfall N may come from biological processes 
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such as ammonification in the tree canopy itself rather than directly from atmospheric 
deposition. Canopy inputs of NH4
+ at urban interiors may be associated with animal 
wastes that are dominated by reduced forms of N compounds. When grouped into urban 
and rural edges and interiors, there were no significant differences in overall DIN or 
NH4
+ fluxes in throughfall.  
In addition to metrics of air quality, differences in species composition may have 
influenced total aboveground C stocks in our study system. Although oak dominant sites 
were intentionally selected to control for species effects, species composition was not 
consistent along edge to interior transects or along the urban to rural gradient. Rural areas 
were more likely to have more coniferous trees than urban sites, potentially leading to 
lower total forest biomass in rural sites. Urban sites were more heavily managed and 
included local conservation areas with frequent human traffic. Urban sites experience 
potential encroachment from nonnative species as managers may have planted trees. Such 
deviations from rural areas may alter aboveground C, as each species used unique 
allometries (Munger & Wofsy, 2018). 
 Land use at the forest edge may impact the intensity of potential edge 
enhancements to forest C storage. Road edges are likely to have higher concentrations of 
CO2 and NOx than managed lawn edges because of emissions from local vehicle 
emissions. In addition to traffic intensity, road age or time since development may also 
impact aboveground C. Older edges may have had more time to accumulate biomass at 
both forest edge and interior; future work should investigate land use history at each type 
of forest edge to determine the role of stand age and traffic intensity on biomass C. 
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Conclusion 
Our study suggests that edge enhancements of biomass C are present in rural 
areas, but that diminished air quality may suppress potential stimulatory effects of forest 
edges in urban areas. While this study examined aboveground C stocks only, future 
research should incorporate rates of tree growth and mortality. Previous work has shown 
that urbanization decreased overall pools of standing biomass C in trees of temperate 
forests, but urbanization increased growth rates as measured by basal area increment, 
resulting in faster turnover of aboveground C pools in urban forests (Briber et al., 2015). 
To fully understand C dynamics in urban areas, future studies must account for both 
standing C stocks and growth rates to fully understand how edge effects may differ across 
an urban to rural gradient. In order to fully capture C budgets of changing forested 
landscapes, additional work should capture belowground C pools and fluxes to determine 
if the magnitude of urbanization and fragmentation effects most strongly influence above 
or below ground cycling. Together, these findings provide us with a framework to assess 
how aboveground C responds to air quality changes with forest fragmentation and 
urbanization. 
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Tables & Figures  
Table 1. Description of seven sites along the urban to rural gradient.  
Site Name 
(Code) 
Latitude Longitude Forest 
Edge 
Exposure 
Dominant 
Species 
Adjacent 
Forest 
Edge 
ISA % 
(990m x 
990m) 
Distance 
to Boston 
(km) 
Arnold 
Arboretum 
(AA01) 
42.29992 -71.12813 Northwest oak 
(Quercus 
spp), white 
pine (Pinus 
strobus) 
Road 
(Centre 
St) 
26.17 8.01 
Broad 
Meadow 
Brook 
(BM03) 
42.23897 -71.78124 Southwest red oak 
(Quercus 
rubrum), 
sweet birch 
(Betula 
lenta) 
National 
Grid 
powerline 
through 
way 
25.99 60.41 
Harvard 
Forest 
(West; 
HF04) 
42.46843 -72.21156 Eastern red oak 
(Quercus 
rubrum), 
sugar 
maple 
(Acer 
saccarhum) 
Clearing 
(property/
managed 
lawn) 
0.64 95.16 
Harvard 
Forest 
(Thompson
; 
HF05) 
42.43238 -72.50864 Western oak species 
(Quercus 
spp.) and 
white ash 
(Fraxinus 
americana) 
Clearing 
(property/
managed 
lawn) 
10.74 119.12 
Harvard 
Forest 
(East; 
HF06) 
42.47987 -72.17841 Southwest red oak 
(Quercus 
rubrum), 
eastern 
hemlock 
(Tsuga 
canadensis
) 
Road 
(Route 
122) 
4.04 92.63 
Hammond 
Woods 
(HW07) 
42.32683 -71.17611 East oak species 
(Quercus 
spp.) 
Road 
(Hammon
d Pond 
Parkway) 
13.59 9.63 
Sutherland 
Woods 
(SW08) 
42.41866 -71.20107 South oak species 
(Quercus 
spp.) 
DOT 
Parking 
Lot 
(managed 
lawn near 
Route 2) 
27.46 13.20 
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Figure 1. Map of seven sites distributed along the urban to rural gradient spanning 120 
km across Massachusetts. Image courtesy of Google Earth. 
  
23 
 
 
 
 
Figure 2. Seven sites distributed along the urban to rural gradient. Images represent 1 km 
x 1 km grid cells with red boxes outlining 990 m x 990 m area used to classify 
impervious surface area (ISA). Red dots represent forest edge from which transect with 
delineated 90 m into forest interior.  
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Figure 3. Aboveground biomass C across all transect distances at seven sites along urban 
to rural gradient. Points range from the forest edge (0 m, black) to 90 m into the forest 
interior (lightest gray). 
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Figure 4. Aboveground biomass C along 90 meter transects from forest edge to interior at 
all sites. Rural sites have less than 25% ISA and are greater than 95 km from Boston. 
These include HF04, HF05, and HF06. Urban sites are AA01, BM03, HW07, and SW08. 
Values are means with ±1 SE. 
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Figure 5.  Aboveground biomass C in forest edges and interiors grouped by urban (AA01, 
BM03, HW07, SW08) and rural (HF04, HF05, HF06) sites. Values are means with ±1 
SE. Values that share letters are not significantly different at α = 0.05.
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Figure 6. Relationship between aboveground biomass C and differences between edge 
and interior with urbanization using (A) ISA and (B) distance to Boston. (C) Relationship 
between difference in biomass C between edge and interior and ISA and (D) distance to 
Boston. Values greater than 0 indicate greater biomass C at the interior plots, while 
values below 0 indicate greater biomass C at the edge plots. 
A B 
C D 
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Figure 7. (A) Ozone concentration in forest edges and interiors grouped by urban (AA01, 
BM03, HW07, SW08) and rural (HF04, HF05, HF06) sites (averaged across four 
sampling periods from July 19 to October 30, 2018). Values that share letters are not 
significantly different at α = 0.05. (B) Relationship between ozone concentration and 
urbanization. Values are means with ±1 SE.  
A 
B 
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Figure 8. Relationship between ozone concentration and urbanization throughout 4 two-
week incubations. Passive samplers were placed in the seven sites between (A) July 19-
August 6, (B) August 15-September 7, (C) September 10 – October 3, and (D) October 
10-30, 2018.  Values are means with ±1 SE. 
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Figure 9. (A) NOx concentration in forest edges and interiors grouped by urban (AA01, 
BM03, HW07, SW08) and rural (HF04, HF05, HF06). Values that share letters are not 
significantly different at α = 0.05. (B) Relationship between NOx concentration (averaged 
across three sampling periods; July 16 to October 30, 2018) and urbanization. Values are 
means with ±1 SE. 
A
 
B
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Figure 10. Relationship between NOx concentration and urbanization throughout three 
incubations. Passive samplers were placed in the seven sites between (A) July 19-August 
6 (mid-summer), (B) August 15-September 18 (late summer), (C) September 24 – 
October 26 (autumn), 2018.  Values are means with ±1 SE. 
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Figure 11. Throughfall N deposition as (A) DIN, (B) NH4
+, and (C) NO3
- in forest edges 
and interiors grouped by urban (AA01, BM03, HW07, SW08) and rural (HF04, HF05, 
HF06). Values are means with ±1 SE. Values that share letters are not significantly 
different at α = 0.05.
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Figure 12. Relationship between rates of atmospheric inputs of (A-B) total dissolved 
inorganic N (DIN), (C-D) NH4
+, and (E-F) NO3
- in throughfall and urbanization. Values 
are means with ±1 SE.
A B 
C 
D 
E F 
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Appendix 
 
Figure A1. Comparison of EPA measured ozone concentration using continuous sensors 
to Ogawa passive sampler measurements. Passive samplers over predicted ozone 
concentration by an average of 41%.  
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Figure A2. Comparison of EPA measured NOx concentration using continuous sensors to 
Ogawa passive sampler measurements. Passive samplers over predicted NOx 
concentration by an average of 15%. 
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